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Silicone passive equilibrium samplers as
‘chemometers’ in eels and sediments of a Swedish
lake†
Annika Jahnke,*a Philipp Mayer,bc Michael S. McLachlan,a Ha˚kan Wickstro¨m,d
Dorothea Gilbertc and Matthew MacLeoda
Passive equilibrium samplers deployed in two or more media of a system and allowed to come to
equilibrium can be viewed as ‘chemometers’ that reﬂect the diﬀerence in chemical activities of
contaminants between the media. We applied silicone-based equilibrium samplers to measure relative
chemical activities of seven ‘indicator’ polychlorinated biphenyls (PCBs) and hexachlorobenzene in eels
and sediments from a Swedish lake. Chemical concentrations in eels and sediments were also measured
using exhaustive extraction methods. Lipid-normalized concentrations in eels were higher than organic
carbon-normalized concentrations in sediments, with biota–sediment accumulation factors (BSAFs) of
ﬁve PCBs ranging from 2.7 to 12.7. In contrast, chemical activities of the same pollutants inferred by
passive sampling were 3.5 to 31.3 times lower in eels than in sediments. The apparent contradiction
between BSAFs and activity ratios is consistent with the sorptive capacity of lipids exceeding that of
sediment organic carbon from this ecosystem by up to 50-fold. Factors that may contribute to the
elevated activity in sediments are discussed, including slower response of sediments than water to
reduced emissions, sediment diagenesis and sorption to phytoplankton. The ‘chemometer’ approach has
the potential to become a powerful tool to study the thermodynamic controls on persistent organic
chemicals in the environment and should be extended to other environmental compartments.
Environmental impact
Equilibrium sampling with silicone ‘chemometers’ was applied to determine ratios of chemical activities in eels and sediments for polychlorinated biphenyls
(PCBs) and hexachlorobenzene. The study was conducted in an isolated Swedish lake with background contamination and eels introduced in 1979. The
chemical activities of the PCBs were lower in the eels than in the sediments (i.e., aEel/aSediment < 1), whereas lipid-normalized concentrations of the eels exceeded
organic carbon-normalized concentrations of the sediments (i.e., BSAF > 1). This apparent contradiction is explained by higher sorptive capacity of biota lipids
compared to sediment organic carbon. The ‘chemometer’ approach provided novel, thermodynamically based insight into bioaccumulation and is highly
promising for studying thermodynamic controls on persistent organic contaminants in a variety of systems.
1. Introduction
Bioaccumulation is the accumulation of a chemical in an
organism by two processes: (i) bioconcentration, in which the
chemical is absorbed from the surrounding environment
through respiratory and dermal surfaces and (ii)
biomagnication, in which the chemical is enriched from lower
to higher trophic levels.1 Bioconcentration and bio-
magnication can have a diﬀerent impact on the levels of
chemicals in aquatic biota relative to the thermodynamic
equilibrium level. Bioconcentration of persistent, non-metabo-
lizable chemicals from water or sediments into aquatic biota
leads to chemical activities in biota approaching those in water
or sediments if exposure is suﬃciently long.2 In contrast, due to
the digestive action, the activity of chemicals in feed can
increase in the gut, which in turn can result in absorption of the
chemicals even when their activity is lower in the feed than in
the organism.3
Metrics used to describe bioaccumulation4 include the bio-
concentration, biomagnication and bioaccumulation factors,
biota–sediment accumulation factors (BSAFs) and trophic
magnication factors.5 Common to all these metrics is that
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bioaccumulation is assessed by comparison of measured
concentrations of chemicals normalized to the lipid or organic
carbon (OC) content of the matrix. The goal of the normaliza-
tion procedures is to translate concentrations in diﬀerent
media into a common metric that can be compared. However,
in this approach potential diﬀerences in the sorptive capacities
of diﬀerent lipids, and between lipids and OC are not accounted
for, and other sorbing phases of potential importance, such as
proteins in lean biota6–8 and black carbon in sediments,9 are
neglected.
Fugacity, the equivalent partial pressure of a chemical in the
gas phase,10 has been proposed as a metric for comparing levels
of contamination in diﬀerent media, as described by Clark
et al.11 and further elaborated by Mayer et al.12 Recently, fugacity
ratios have been used as part of an integrative approach to study
and understand bioaccumulation.4 A similar concept was
proposed by Webster et al.13 in their equilibrium lipid parti-
tioning (ELP) approach. Chemical activity, which quanties the
energetic state of a chemical that determines the potential for
spontaneous physicochemical processes, such as diﬀusion,14,15
is also closely related to fugacity (see Text S1 in the ESI† for
additional details on the chemical activity concept). In a pio-
neering paper, Di Toro et al.16 explained the equilibrium parti-
tioning from sediments to biota lipids on a chemical activity
basis, and Mackay et al.17 recently suggested chemical activity
as a unifying concept in the environmental assessment and
management of chemicals. However, a general limitation on the
application of all these concepts is that they oen rely upon total
concentration data that are transformed into fugacities, ELP
concentrations or chemical activities by normalization. Thus,
while providing useful conceptual frameworks, they have so far
not helped to address the diﬃculties in choosing the correct
normalization procedure.8 Direct measurements of chemical
activity and related parameters, which can be achieved with novel
equilibrium sampling techniques,15,18 oﬀer a solution.
Here, we explore the utility of such a direct empirical
approach for assessing bioaccumulation, and, more generally,
for assessing diﬀerences in chemical activity or fugacity between
environmental media: measuring equilibrium partitioning
concentrations in polymer-based passive samplers equilibrated
with biota and sediments as a proxy of chemical activity or
fugacity in these media. Comparing chemical concentrations in
the polymer aer equilibration with two or more environmental
media is equivalent to comparing the chemical activities or
fugacities between those media. We selected silicone polymers as
the reference phase, and employed them essentially as ‘chemo-
meters’.12,19 Recent research has shown that silicone possesses
unaltered sorptive properties even if immersed in complex
matrices such as sediments and sh oil,20 making it suitable for
sampling of sediments and biota.
This study aimed to explore the ‘chemometer’ approach
using eels and sediments from a Swedish lake as a case study.
We equilibrated silicone-based passive equilibrium samplers in
eels and sediments collected from the same lake, determined
the concentrations of selected persistent organochlorines in the
silicone, calculated activity ratios, and compared them to
‘classical’ BSAFs.
2. Experimental
2.1. Passive equilibrium sampling
Silicone reference phases were brought into contact with eels
and sediments in separate experiments designed to achieve
equilibrium partitioning. In both cases, passive equilibrium
sampling approaches that have been previously validated were
used. We selected European eel (Anguilla anguilla) for this study
since it has a very high lipid content, and thus is ideally suited
for the silicone in-tissue sampling method for lipid-rich biota
developed by Jahnke et al.21 For sediments, silicone-coated glass
jars were used, following another method developed by our
research group.19,22,23
In previous studies, equilibrium sampling of poly-
chlorinated biphenyls (PCBs) was applied to sediments from a
Finnish lake23 and the Baltic Sea.19 The measured chemical
concentrations in the silicone (CSil, Sed, see Table S1 in the ESI†
for the most important abbreviations) were then transformed
into concentrations in model lipids at thermodynamic equi-
librium with the sediments (CSed, Lip) according to
CSed, Lip ¼ CSil, Sed  KLip/Sil (1)
where KLip/Sil (ref. 24) is the lipid/silicone partition ratio (cor-
rected for lipid uptake into the silicone, for details see ref. 24).
CSed, Lip exceeded measurements of lipid-normalized concen-
trations in sediment-dwelling worms23 and herring.19 These
observations suggested lower chemical activities in the organ-
isms relative to the sediments, but empirical data using passive
equilibrium sampling in biota and sediments from the same
ecosystem have so far been lacking. It was therefore particularly
interesting within the present study to determine whether the
ratios of chemical activity in eels and sediments at the study site
would be <1 or whether biomagnication had led to elevated
chemical activity in eels relative to the sediments (i.e. activity
ratios > 1).
2.2. Study site
Our study site is Lake A˚ngen (5875'15 N, 1718'31 E, Fig. 1), a
small (2.4 km2 area) and shallow (5 m average and 8.5 m
maximum depth) Swedish lake with no known sources of PCBs
and hexachlorobenzene (HCB) other than the atmosphere. The
lake is connected to the Baltic Sea through a narrow 200 m long
stream. In 1979, 4800 eels aged 3–8 years were transferred to
Lake A˚ngen as part of an experiment carried out by the Institute
of Freshwater Research at the Swedish University of Agricultural
Sciences. When they reach sexual maturity, the eels attempt to
migrate out of the lake to spawn and are collected in an eel trap
that blocks the stream leading to the Baltic Sea (Fig. 1).
2.3. Sampling
Samples of ve eels that had been trapped in the stream leading
towards the Baltic Sea were obtained from a local resident. One
eel (“A”) was caught in the fall of 2011, whereas the other four
individuals (“B” to “E”) had been trapped prior to 2011. For eels
A–D a section of esh from behind the gills was provided for
This journal is © The Royal Society of Chemistry 2014 Environ. Sci.: Processes Impacts, 2014, 16, 464–472 | 465
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chemical analysis, whereas for eel E a slice of muscle tissue
from close to the caudal n was provided. All ve eels very likely
originated from the stocking event in 1979 and hence had been
present in Lake A˚ngen for more than 20 years. The eels had
been cut into sections and stored frozen since their capture, so
length and weight information was not available for the ve
individuals that were used in our experiments. However, there
are yearly monitoring data for the eels caught in the trap.
Between 2002 and 2011, they were on average 104  6 cm long
and weighed 2220  440 g.
Surface sediments were collected at site #4 (Fig. 1) by a diver
on 19 November, 2011 by moving wide mouth glass jars over the
sediment surface so that the upper 2–3 cm were transferred into
the jars. The sediment was collected 20–30 m from a pier at
Lomudden on the western shore of the lake at 2.5 m depth and 6
C water temperature. The sediment samples were transported
to the laboratory and stored at 4 C until further processing.
Additional sediment samples were collected at ve sites across
the lake (Fig. 1) using the same method on 24 November, 2012,
at 3.6–7.0 m depth and 6 C water temperature. The second
sediment sampling campaign included the initial sampling
location, station #4, to enable assessment of variability between
the sampling campaigns.
2.4. Standards and materials
Seven indicator PCB congeners (PCBs 28, 52, 101, 118, 153, 138
and 180, log KOW range 5.66–7.19 (ref. 25)) and HCB (log KOW
5.64 (ref. 26)) were selected as model chemicals to evaluate our
passive equilibrium sampling approach for bioaccumulation
assessment. Isotope-labeled internal standard (IS) analogs were
available for all the analytes (13C6 HCB and
13C12 PCBs). The IS
analogs were spiked onto the sample or into the extraction
solvent before extraction. Non-labeled PCB 53 was used as a
volumetric standard and was spiked into the nal extracts
before analysis. All solvents and chemicals were of the highest
available commercial quality and used as received.
Two diﬀerent silicone polymers were used. Thin-lms for eel
sampling were cut from commercially available SSP-M823
sheets of approx. 30  30 cm size and 380 mm thickness
(Specialty Silicone Products Inc., Ballston Spa, NY, USA). These
lms have a uniform thickness and hence the weight of each
thin-lm was also highly uniform. For sediment sampling, mm-
thin layers of silicone were coated in-house on the inner vertical
walls of 120 mL amber glass jars using a silicone (DC1-2577,
Dow Corning, Seneﬀe, BE) solution in solvent. The amber glass
jars were purchased from ApodanNordic PharmaPackaging A/S
(Copenhagen, DK). The inner diameter of the jars was 5.5 cm,
and the coating height was 4.6 cm, resulting in a surface area of
the silicone coatings of 79 cm2. The glass jar coatings were
made from a diﬀerent polymer than the one used in our
previous work19 due to earlier problems with coating detach-
ment during sediment sampling.
To account for diﬀerences in the sorptive properties of the
two silicone polymers, compound-specic DC1-2577/SSP-M823
partition ratios (KDC/SSP (ref. 27)) were applied. The polymers
were inter-calibrated in co-exposure experiments, and KDC/SSP
were determined to be 1.70 (HCB), 2.11 (PCBs 101 and 153), 2.15
(PCB 28), 2.29 (PCB 180), 2.30 (PCB 118), 2.34 (PCB 52) and 2.65
(PCB 138) (on average 2.21).27
2.5. Equilibrium sampling of eels
In-tissue sampling was done according to the method described
in detail elsewhere.21 Briey, circular thin-lms of SSP-M823
silicone (18 mm in diameter) were precleaned in acetone and
air-dried. Slots were cut through the eel skin using a scalpel,
and the thin-lms were immersed into the intact muscle tissue
(n ¼ 15 for each individual except for eel E, n ¼ 12) for 2 days.
During this time, the samples were wrapped in aluminum foil
and stored at 4 C in a refrigerator to slow down decay. The thin-
lms were then removed from the tissue, rinsed in double-
distilled water, and their surface was thoroughly wiped using
lint-free tissues to remove any tissue or fat remaining on the
silicone surface. For each replicate (n ¼ 3), 5 thin-lms (4 for
eel E) were pooled and immersed overnight at 21 C in 10 mL
acetone in a test tube with the IS (13C6 labeled HCB and
seven 13C12 labeled PCBs, 10 mL of each solution at approx.
250 pg mL1 in toluene) added. In addition, 5 thin-lms were
extracted for each blank (n ¼ 5). The solvent was then trans-
ferred to another test tube and exchanged to 1 mL isooctane
before clean-up.
2.6. Equilibrium sampling of sediments
Passive equilibrium sampling of sediments was carried out
using glass jars coated with DC1-2577 silicone of multiple
thicknesses22 according to our published protocol.19 In brief, 80
g of wet sediment was added to a precleaned glass jar with a
silicone coating of 2 mm, 4 mm or 8 mm (2011 samples, n ¼ 3 for
each coating thickness) or 1 mm, 2 mm or 4 mm (2012 samples, n
¼ 1 per thickness). Jars with 10 mL of double-distilled water
were processed as blanks (n ¼ 3 for each coating thickness in
2011, n¼ 3 for the 1 mm jars in 2012). Approx. 100 mg of sodium
Fig. 1 Map of Lake A˚ngen, Sweden. Sediment sampling was carried
out at station #4 in 2011, and at stations #1 to #5 in 2012. The star
shows the location of the eel trap in the connecting stream to the
Baltic Sea.
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azide was added to sample and blank jars to inhibit biological
activity.
Each jar was covered with aluminum foil, sealed with the lid
and rotated on its side at 21 C for 2 weeks to allow for equili-
bration of HCB and the ‘indicator’ PCBs between the sediment
and the silicone. The sediment was then discarded, the jar was
rinsed twice with 2 mL aliquots of double-distilled water, and
the silicone surface was thoroughly wiped with lint-free tissues.
For extraction, 2 mL of acetone and 10 mL of each IS solution
(see above) were added to the jar, and it was rotated on its side
for an additional 30 min. The solvent was removed, and the
extraction was repeated with another 2 mL aliquot of acetone.
Both solvent aliquots were collected in a test tube and
exchanged to 1 mL of isooctane before further processing.
2.7. Exhaustive extraction of eels and sediments
The total concentrations of the chemicals in muscle tissue of
the ve eels were determined by an exhaustive extraction
method,28 with modications as previously described.29 Briey,
1 g of muscle homogenate (n ¼ 3 for each individual) was
extracted for 15 min in an ultrasonic bath with 4 mL of n-hex-
ane : acetone (1 : 3) and the IS solutions (see above) added. The
second extraction step used 4 mL of diethylether : n-hexane
(1 : 9). The organic phases were combined and washed in 9 mL
of sodium chloride : phosphoric acid (NaCl : H3PO4, 0.9% : 0.1
M). Aerwards, the organic phase was transferred to a pre-
weighed pear-shaped ask and evaporated until a constant
weight was observed. The dried residue was weighed to deter-
mine the extractable organic matter in the eels, before being
reconstituted in 1 mL of isooctane for further processing as
described below. Sediments were Soxhlet extracted with toluene
and the IS solutions (see above) added as described by Bandh
et al.30 with some minor modications.19 The extracts were
evaporated before being reconstituted in 1 mL of isooctane.
The total organic carbon (TOC) content of the sediments was
determined aer homogenization and acidication to remove
inorganic carbon using an elemental analyzer as described in
ref. 19.
2.8. Common clean-up and analysis
All extracts were submitted to similar clean-up methods.21 The
extract was pipetted onto a four-layered silica gel column
(containing from bottom to top: glass wool, SiO2 + water, SiO2 +
potassium hydroxide, SiO2 + sulfuric acid and sodium sulfate,
precleaned with n-hexane). The chemicals were eluted using n-
hexane, and the extracts were concentrated to approx. 1 mL. In
the case of total extracts of eels, two or three clean-up cycles
were usually necessary until the lipids were completely
removed. For sediment extracts only, copper powder was then
added to remove sulfur,30 the extract was ultrasonicated and le
overnight at 21 C.19 The copper and associated sulfur were then
removed by ltering the extract over precleaned glass wool. All
extracts were concentrated to approx. 30 mL, and 10 mL of the
volumetric standard (PCB 53 at 250 pg mL1 in toluene) was
spiked. Analysis of the target compounds was done by gas
chromatography coupled to high-resolution mass
spectrometry.21
2.9. Data analysis
Method quantication limits (MQLs) of the analytes were
calculated as the average blank signal plus 10 times the stan-
dard deviation of the blanks.
A comprehensive cross-check of the equilibrium sampling
data was carried out (Table S1†). Firstly, passive sampling data
obtained from eels (CSil, Eel) were transformed into equilibrium
partitioning concentrations in lipids (CLip, eq) according to
CLip, eq ¼ CSil, Eel  DLip/Sil (2)
where DLip/Sil (ref. 24) is the lipid/silicone distribution ratio
(uncorrected for lipid uptake into silicone, for details see ref.
24). CLip, eq was compared with lipid-normalized concentrations
in eels determined by total extraction (CEel, Lip). Secondly,
passive sampling data obtained from sediments (CSil, Sed) and
OC-normalized sediment concentrations (CSed, OC) were both
used to calculate freely dissolved concentrations in the sedi-
ment interstitial pore water (CSed, free) assumed to be in equi-
librium with the sediments, and compared. They were derived
from
CSed, free ¼ CSil, Sed/KSil/W (3)
CSed, free ¼ CSed, OC/KOC (4)
where KSil/W is the silicone/water partition ratio31 and KOC is the
organic carbon/water partition ratio.
3. Results
3.1. Characteristics of the samples
The lipid content of the ve eels, measured as extractable
organic matter, varied between 19.3% and 28.5% (on average
23.3%). The sediment had a TOC content of 1.24%  0.03%
(average  standard deviation).
3.2. Equilibrium sampling of eels
We showed previously using time series experiments that PCBs
in eel tissue reached equilibrium with the SSP-M823 silicone
thin-lms within hours.21 Hence, the chemicals were assumed
to be at equilibrium aer the 2 days of sampling used in this
study. Additional evidence for the fast equilibration kinetics in
lipid-rich tissue has been given by Ossiander et al.,32 and the fast
kinetics have also been shown using diﬀerent silicone thick-
nesses for herring,21 similar to our approach for sediments.22
The CSil, Eel results are given in Table S2 in the ESI.† PCB 28
was regularly <MQL; HCB showed chromatographic interfer-
ences and was not quantied in some of the extracts as the ratio
of the quantier : qualier m/z diﬀered by >20% from that of
the calibration standard. PCBs 52, 101, 118, 153, 138 and 180
were quantied in all extracts, with PCBs 153 and 138 showing
the highest levels (on average 2180 450 and 1570 500 pg g1
silicone, respectively, Table S2†).
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Eel E consistently showed the lowest PCB levels. Depending
on the congener, the highest levels were in eel A or D. The
concentrations of the PCBs with 4–7 chlorines were lower by a
factor of 1.7 (PCB 180) to 4.4 (PCB 101) (average 2.6 lower) in eel
E than in the individual with the highest concentrations. The
low levels in eel E may in part be due to a diﬀerent part of the
sh (from the caudal n vs. the head) having been sampled.
However, we assume that inter-individual diﬀerences are larger
than variability in lipid-normalized concentrations in the
diﬀerent parts of the sh, and have therefore included eel E in
calculations of averages and other statistical analyses.
3.3. Equilibrium sampling of sediments
The considerably slower sampling kinetics for sediments (<2
weeks) compared to lipid-rich biota tissue (<2 days) can be
explained by the lower diﬀusive mass transfer through water,
resulting in longer equilibration times for the sampling of
sediments. In contrast, the high lipid content of the eels facil-
itates the transport of hydrophobic chemicals through the
tissue to the silicone.29
Problems with coating detachment as described earlier for a
diﬀerent polymer19 were not observed with the DC1-2577 coat-
ings. The sediment results are plotted in Fig. 2 (station #4
sampled in 2011 and 2012) and S1 in the ESI† (all data), and the
CSil, Sed data are listed in Table S3 in the ESI.† For the samples
collected at site #4 in 2011, the coated glass jar method showed
levels <MQL for HCB. Furthermore, we observed data <MQL for
PCBs 28 and 52 in the jars with 2 mm and 4 mm coatings. All
other PCB congeners could be quantied with PCBs 153 and 138
at the highest levels (on average 18.6 1.1 and 24.5 1.3 ng g1
silicone, respectively, Table S3†).
In the sample extracts from sites #1 to #5 collected in 2012,
HCB was mostly, and PCBs 28 and 52 were occasionally <MQL
in the 1 mm silicone coatings and/or at site #4 that showed the
lowest levels. There was good agreement between the 2011 and
2012 PCB data collected at station #4 (Fig. 2, with slopes not
being signicantly diﬀerent), underlining the reproducibility of
sampling and analytical methods and demonstrating low inter-
annual variability in Lake A˚ngen sediments. The concentrations
at the ve stations diﬀered by up to a factor of 2.6 (PCB 101
between stations #3 and #4), with station #4 (2011) at the lower
end (Fig. S1†).
3.4. Validation of the equilibrium sampling
As a validation measure,29 the equilibrium partitioning
concentrations in eel lipids (CLip, eq, eqn (2), Table S4 in the
ESI†) were compared to the lipid-normalized concentrations in
the eels (CEel, Lip, see below and Table S5 in the ESI†). The
calculated CLip, eq were in good agreement with CEel, lip: in
Fig. 2 Mass [pg] of the chemical vs. silicone mass [mg] of the glass jar coatings equilibrated with Lake A˚ngen sediment from station #4 sampled
in 2011 and 2012. Blanks are also shown. Open symbols represent data <MQL (Table S3†). The HCB data from 2011 were <MQL. The PCB graphs
indicate reproducible and artifact-free equilibrium sampling,22 whereas additional assessments (see the text and Fig. S1†) indicated under-
equilibration of PCBs 138 and 180 in the thickest coating of the 2011 data and PCB 180 at station #5. The p values of the linear regression through
the origin for the 2011 dataset (n ¼ 9) were <0.0001, whereas they were <0.008 for the 2012 dataset (n ¼ 3, except for HCB, p ¼ 0.011); data
<MQL were included in this assessment.
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general, CLip, eq was between 21% (PCB 118) and 43% (PCB 101)
lower than CEel, Lip; PCB 28, based on few data, was 62% lower.
The diﬀerent silicone coating thicknesses on the glass jars22
resulted in linear plots of chemical mass versus silicone mass
(Fig. 2) forced through the origin with R2s of 0.94–0.99 for the
PCBs with 5–7 chlorines. For the remaining chemicals that were
in part <MQL, R2s were 0.88–0.96. This is consistent with the
sampler and the medium having achieved equilibrium, and at
the same time showing no sign of sampling artifacts.22 Addi-
tional validation plots are given in Fig. S1† with the regression
lines not forced through the origin. The intercepts were in most
cases not statistically diﬀerent from zero (ANOVA, Fig. S1†),
which is consistent with equilibrium partitioning between the
sediment and the silicone coatings having been reached. The
only exceptions were PCBs 138 and 180 in the 2011 data from
station #4 and PCB 180 in the sediment from station #5, which
indicate slight under-equilibration or sample depletion in the
jar with the thickest silicone coating. Eliminating the 8 mm
thick coating from the 2011 data yields intercepts that are not
statistically diﬀerent from zero for PCBs 138 and 180.
As an additional validation measure for the coated glass jar
data, we calculated the freely dissolved concentration in the
interstitial pore water (CSed, free) of the sediment from station #4
from the silicone-coated glass jars (Table S6 in the ESI†)
according to eqn (3). CSed, free are given both at 20 C and
extrapolated to the actual water temperature at the time of
sediment sampling (6 C) as described in ref. 14 and 19.
Furthermore, CSed, free was calculated from the exhaustive
extraction data (CSed, OC from station #4 (ref. 33)) according to
eqn (4). The KOC data used in this transformation were esti-
mated as [0.35  KOW (ref. 25)] according to Seth et al.,34 [0.63 
KOW] according to Karickhoﬀ et al.35 and [0.98  KOW] according
to Di Toro et al.,16 and the resulting CSed, free is included in Table
S6.† CSed, free from the passive sampling approach was
compared to CSed, free from the exhaustive extraction, showing
reasonable agreement (Fig. S2 in the ESI†). The CSed, free dataset
from passive sampling was by an average factor of 1.8 lower
than the data obtained using the Seth et al.34 relationship; it
agreed well with the data from the Karickhoﬀ et al.35 relation-
ship and exceeded the data from the Di Toro et al.16 relationship
by an average factor of 1.5 (Fig. S2†). These diﬀerences in CSed,
free derived from CSed, OC show that there is considerable
uncertainty associated with the calculated CSed, free depending
on the generic KOC–KOW relationship since the sorptive capacity
of the OC is highly variable.16,34,35
3.5. Exhaustive extraction of eels and sediments
The recoveries of the IS spiked before exhaustive extraction of
eels by ultrasonication and sediments by Soxhlet extraction
were comparable; they ranged from 28 to 112% (on average
80%) for the eels and from 61 to 115% (on average 84%) for the
sediments. CEel, Lip of all analytes in the ve eels are given in
Table S5 in the ESI.† Due to high MQLs, HCB could not be
quantied. PCB 28 was detected in all cases, but only quantied
occasionally above the MQL. PCB 52 was <1.38 ng g1 lipid in
the extracts of eel E. The concentrations of the PCBs with 5–7
chlorines were lower by a factor of 2.0 (PCBs 153 and 180) to 6.7
(PCB 101) (average 3.2) in eel E than in the eels with the highest
concentrations. The CSed, OC of HCB could only be determined
qualitatively, and PCBs 28 and 52 were <MQL. For the PCBs with
5 to 7 chlorines, CSed, OC ranged from 2.19  0.21 (PCB 118) to
8.82  0.79 (PCB 138) ng g1 OC.33
3.6. Biota–sediment accumulation factors
We calculated BSAFs for HCB and the ‘indicator’ PCBs from the
exhaustive extraction results for eels and sediments according
to
BSAF ¼ CEel, Lip/CSed, OC (5)
The obtained BSAFs are plotted in Fig. 3A. In this assess-
ment, only semi-quantitative BSAFs were obtained for HCB,
PCB 28 and PCB 52 since they were in part <MQL. For the PCBs
with 5 to 7 chlorines, BSAFs ranged from 2.7 (PCB 101) to 12.7
(PCB 153).
4. Discussion
4.1. Observed levels of PCBs and HCB
The PCB concentrations in the ve eels from Lake A˚ngen are
within the range reported for eels in Swedish lakes and coastal
waters by the Swedish National Food Administration.36,37 They
are also within the range of PCB concentrations reported for
Baltic Sea herring within the Swedish national environmental
monitoring program.38
We compared the Lake A˚ngen sediment data with our earlier
Baltic Sea sediment results from the Stockholm Archipelago.19
The average PCB concentrations in the silicone equilibrated
with Lake A˚ngen sediments are between a factor of 0.65 (PCB
52) and 2.36 (PCB 180), and on average 1.21, of the Stockholm
Archipelago average. This good agreement of CSil equilibrated
with sediments from Lake A˚ngen and the Baltic Sea is consis-
tent with the absence of point sources of PCBs and HCB to Lake
A˚ngen.
4.2. Thermodynamics of bioaccumulation
Diﬀerent silicone polymers were used as the thin-lm samplers
(SSP-M823) for eels and the coated glass jar samplers (DC1-
2577) for sediments. Therefore, KDC/SSP (ref. 27) was applied for
correction to directly compare the concentrations in the silicone
polymers at equilibrium with the eels and the sediments. The
ratios of chemical activities in eels (aEel) and sediments (aSed)
were calculated according to
aEel/aSed ¼ CSil, Eel/(CSil, Sed/KDC/SSP) (6)
The activity ratio aEel/aSed for all compounds is below 1.0
(Fig. 3B) indicating a lower chemical activity in eels relative to
sediments. Activities in silicone equilibrated with eel tissue are
lower by a factor of 2.3 for HCB and factors of 3.5 (PCB 118) up
to 31.1 (PCB 101) for PCBs.
We additionally calculated chemical concentrations in
model lipids at thermodynamic equilibrium with the sediment
This journal is © The Royal Society of Chemistry 2014 Environ. Sci.: Processes Impacts, 2014, 16, 464–472 | 469
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(CSed, Lip) according to a modied version of eqn (1) that takes
into account the diﬀerences in sorptive capacities of the applied
silicone polymers:
CSed, Lip ¼ (CSil, Sed/KDC/SSP)KLip/Sil (7)
The obtained CSed, Lip was then compared to CEel, Lip from
exhaustive extraction (Fig. 3B). The lipid-normalized concen-
trations in the eels were considerably lower than the equilib-
rium partitioning extrapolation from sediment to lipid, and the
concentration ratios [CEel, Lip/CSed, Lip] were in good agreement
with the concentration ratios on a silicone basis [CSil, Eel/CSil, Sed]
(Fig. 3B). HCB is closest to equilibrium, whereas PCB 101 shows
the largest disequilibrium between sediments and eels, fol-
lowed by PCB 52, possibly due to biotransformation. Biotrans-
formation of PCBs has been shown to be structure-dependent in
sh, being greater for PCBs possessing vicinal hydrogen atoms
in the meta/para positions such as PCBs 101 and 52.39
4.3. Apparent disagreement between classical BSAFs and
eel/sediment activity ratios
There is an apparent, perhaps surprising, discrepancy in the
reported data between (i) ‘classical’ BSAFs being >1 (Fig. 3A) and
(ii) ratios of chemical activities in eels and sediments being <1
(Fig. 3B). However, this disagreement can be explained by the
higher sorptive capacities of biota lipids compared to sediment
OC, which we assessed as described in Text S2 in the ESI.† The
diﬀerences in sorptive capacities imply that a BSAF of 1–3
(depending on the assumed KOC–KOW relationship, (ref. 16, 34
and 35)) should not be used as a reference for equilibrium
partitioning between biota lipids and sediment OC. Rather,
equilibrium partitioning is indicated by BSAFs in the range of
the lipid/OC partition ratios (KLip/OC).
Since the sorptive capacities of biota lipids have been shown
not to diﬀer substantially between a large range of diﬀerent
lipids (i.e., olive oil, sh oil and seal oil24 and linseed oil, soybean
oil, olive oil, sh oil, milk fat and goose fat40), the variable char-
acteristics of the sediment organic carbon between ecosystems
are likely to be decisive for diﬀerences of KLip/OC. Correspond-
ingly, KLip/OC are sediment-specic, and our calculated KLip/OC for
Lake A˚ngen sediments were 29.3 (PCB 118), 31.2 (PCB 101), 36.1
(PCB 138), 48.3 (PCB 153) and 49.7 (PCB 180).
The observed BSAFs were lower than KLip/OC, which also
indicates under-equilibration of biota lipids with sediment OC
in agreement with the obtained activity ratios of <1 (Fig. 3B).
The Lake A˚ngen dataset hence suggests that diﬀerences in the
sorptive capacities of lipids and OC may be considerable and
deserve evaluation. The diﬀerences can be assessed for other
systems using the proposed passive sampling approach.
4.4. Factors inuencing the eel/sediment activity ratios
As discussed above, concentration ratios on both a silicone
basis [CSil, Eel/CSil, Sed] and a lipid basis [CEel, Lip/CSed, Lip] suggest
an under-equilibration of the eels relative to the sediments
(Fig. 3B). Considering KLip/OC for Lake A˚ngen sediments, BSAFs
give the same indication. We can formulate a range of hypoth-
eses to explain this nding.
The rst is that a process or group of processes may increase
the chemical activity in the sediments compared to the over-
lying water. Higher activities in sediments can, for instance,
Fig. 3 (A) BSAFs of HCB and the ‘indicator’ PCBs. Open symbols
represent data that were in part <MQL. The data above the shaded area
corresponding to BSAFs of 1–3 (depending on the supposed generic
KOC–KOW relationship16,34,35) indicate an enrichment of the chemicals
in eels compared to sediments. (B) (i) Activity ratios [CSil, Eel/CSil, Sed] of
HCB and the ‘indicator’ PCBs; (ii) ratios of CEel, Lip and their concen-
trations in model lipids at thermodynamic equilibrium with the sedi-
ments [CSed, Lip¼ CSil, Sed KLip/Sil (ref. 24)] calculated from the silicone
coatings of glass jars equilibrated with Lake A˚ngen sediments. Aver-
ages of all quantiﬁable data are included.
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occur as the result of falling levels in the environment to which
a slower response by the sediment compartment compared to
water and air can be expected.41,42 Higher chemical activities in
sediments relative to water can also be driven by ongoing
sediment OC diagenesis that can reduce the sorptive capacity of
the sediments and thereby increase the chemical activity of
persistent chemicals in the sediments.43 While both these
processes are expected to occur in Lake A˚ngen, they will only
induce signicant sediment–water disequilibrium if the trans-
fer of chemicals from sediments to the water column is slow
compared to the loss of chemicals from the water column to the
air, which seems unlikely for this shallow lake with an average
depth of 5 m.
The second hypothesis is that reduced activity in the water
column results from primary production and subsequent
sorption of persistent chemicals to phytoplankton. Nizzetto
et al.44 reported that this process can act as an eﬃcient biolog-
ical pump, dramatically decreasing freely dissolved concentra-
tions in the water column. For food webs for which contaminant
exposure is primarily determined by the water column, this
situation could result in an exposure below that expected from
the sediments. While this process is very eﬃcient under stratied
conditions and during the peaks of primary production,44 it
seems unlikely that the overall annual eﬀect alone is suﬃcient to
explain the considerably lower chemical activities in the eels
compared to sediments. Furthermore, this eﬀect should be of
minor importance in a shallow lake such as Lake A˚ngen where
stratication will seldom occur. The observation of HCB being
closer to equilibrium than the more hydrophobic PCBs is
consistent with this second explanation, since phytoplankton-
related contaminant depletion in the water column is of higher
importance with increasing hydrophobicity.45
A third hypothesis is that the sediment samples were not
representative of the actual habitat of the eels. However, the
small range in CSil, Eel and in CSil, Sed (a factor of 2.6 and 3.1,
respectively, for PCB 153, n ¼ 14 and 24, respectively) compared
to the extent of the thermodynamic gradient (CSil, Eel/CSil, Sed ¼
0.16) speaks against this explanation. Furthermore, the eels had
very likely been present in the lake for more than 20 years and
therefore had ample opportunity to migrate throughout the lake.
The fourth hypothesis is that enhanced biotransformation
could contribute to lower chemical activities in the eels.
However, we do not believe that this process could be suﬃ-
ciently fast to be the dominant factor determining our
measured activity ratios.
Finally, it is possible to hypothesize that there is an error in
the passive sampling methodology. We have carefully evaluated
the methods with respect to equilibration and a range of
potential artifacts22,29 as described above. A lack of equilibration
during sediment sampling is unlikely for the vast majority of
the presented data (see above), and even if it was the case, it
could not explain the observed activity ratios, since under-
equilibration would imply an even larger disequilibrium
between eels and sediments. A change of sorptive properties of
the silicone when immersed in sediments and biota can be
ruled out based on a previous study.20 A lack of equilibration
during in-tissue sampling would bias the ratios in the observed
direction, but is unlikely based on previous time series
studies,21,32 experiments using diﬀerent silicone thicknesses21
and due to the inclusion of a safety factor of approx. 6 times
prolonged sampling times. Furthermore, this eﬀect would also
become obvious when comparing CLip, eq (Table S4†) with CEel,
Lip (Table S5†). Finally, the observation of HCB being closer to
equilibrium than the more hydrophobic PCBs is an additional
indication of well-calibrated methods, since HCB in general is a
faster-equilibrating compound which leads to smaller activity
gradients than those observed for PCBs.
In summary, it is at present diﬃcult to identify a single
hypothesis or mechanism that can explain the observed
disequilibrium between eels and sediments. The activity ratios
<1 might rather be the result of several processes, some of them
being discussed above. This study illustrates that the ‘chemo-
meter’ approach can eﬀectively indicate thermodynamic
diﬀerences in real environmental systems, whereas additional
studies may be required to fully explain the causes of these
diﬀerences. The ‘chemometer’ measurements might thus
inspire research on phenomena and processes that are not yet
suﬃciently understood to be integrated into environmental fate
models.
5. Conclusions
This study describes the parallel application of passive equi-
librium samplers as ‘chemometers’ in eels and sediments from
the same ecosystem. The ‘chemometer’ approach provided
novel, thermodynamically based insight into bioaccumulation
in Lake A˚ngen and is highly promising for studying thermody-
namic controls on persistent organic contaminants in a variety
of systems.
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